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and Michael Wink

Received: 14 April 2023

Revised: 26 May 2023

Accepted: 29 May 2023

Published: 2 June 2023

Copyright: © 2023 by the authors.

Licensee MDPI, Basel, Switzerland.

This article is an open access article

distributed under the terms and

conditions of the Creative Commons

Attribution (CC BY) license (https://

creativecommons.org/licenses/by/

4.0/).

diversity

Article

High Evolutionary Potential Maintained in Common Frog
(Rana temporaria) Populations Inhabiting Urban Drainage Ponds
Robert Jehle 1,* , Jeanette Hall 2,3, Samantha A. Hook 1, Sarenta King 1, Kirsty MacArthur 4,5, Alexandre Miró 3 ,
Marcia Rae 2 and David O’Brien 2,3,*

1 School of Science, Engineering and Environment, University of Salford, Salford M5 4WT, UK
2 NatureScot, Great Glen House, Leachkin Road, Inverness IV3 8NW, UK
3 Highland Amphibian and Reptile Project, c/o Woodlands, Brae of Kinkell, Dingwall IV7 8HZ, UK
4 School of Applied Sciences, Edinburgh Napier University, Edinburgh EH11 4BN, UK
5 Centre for Conservation and Restoration Science, Edinburgh Napier University, Edinburgh EH11 4BN, UK
* Correspondence: r.jehle@salford.ac.uk (R.J.); david.obrien@nature.scot (D.O.)

Abstract: Urbanisation leading to habitat change and fragmentation is a recognised global threat
to biodiversity. However, it may also offer opportunities for some species. Genetic diversity, one
of the three components of biodiversity, is often overlooked in conservation planning and policy.
In the present study, we used a panel of seven microsatellite markers to compare the genetic struc-
ture of 34 common frog (Rana temporaria) populations residing in urban and suburban drainage
ponds in Inverness (Scotland) with populations from rural surroundings. As a main finding, the
levels of genetic variation were indiscernible between (sub)urban and rural populations. Significant
isolation-by-distance was observed only for rural populations, with measures of pairwise genetic
differentiation (Fst) that were, on average, lower than those in urban and suburban areas. The mean
numbers of alleles remained stable between two temporal sets of samples collected at intervals
broadly representing one R. temporaria generation, but with a tendency of decreasing allelic richness,
irrespectively of the site characteristics. Taking these results together, our study revealed that the
elevated levels of differentiation between R. temporaria populations inhabiting (sub)urban drainage
ponds did not lead to increased levels of genetic erosion. Our findings support the importance
of well-designed blue–green infrastructure in urban landscapes for the retention of within-species
genetic diversity and can help to inform future biodiversity management policies.

Keywords: amphibians; SuDSs; microsatellites; genetic connectivity; urban ecology; land use policy

1. Introduction

Urbanisation is increasing at a global level and influencing the ecology and evolution
of both plants and animals at a local and global scale [1–3]. Blue–green infrastructure
is defined as a ‘strategically planned network of natural and semi-natural areas with
other environmental features designed and managed to deliver a wide range of ecosystem
service’ [4]. In urban settings, such as cities or towns, this includes waterbodies such as
stormwater ponds and other sustainable drainage systems (SuDSs), which can act as islands
of vital resources for local wildlife to persist amidst otherwise unsuitable terrain [5–7].
The extent to which populations residing in such environments are able to retain their
evolutionary potential and functional diversity under increased levels of fragmentation,
however, depends on the requirements of the given species and is a growing area of
research [8–11], as well as a policy concern [12].

Suitably managed waterbodies in urban environments harbour relatively high levels
of biodiversity compared to other urban habitats that are concentrated in particularly
confined spaces [13–16]. Amphibians are a useful model taxon for investigating the value
of such waterbodies within wider blue–green infrastructure. They use urban ponds for
reproduction and depend on surrounding terrestrial habitats for foraging, hibernation,
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aestivation, and dispersal [17–22]. The occurrence and abundance of amphibians are gener-
ally shaped by small-scale landscape features, which makes them particularly suited for
studying the consequences of habitat fragmentation for the structure of wildlife popula-
tions [23,24]. Generalisations of the particular effects of urbanisation on amphibians have,
however, been proven difficult to make, suggesting that the diversity of their life histories
requires a case-by-case consideration of how specific species respond to environmental
settings in given cityscapes [18,25]. This particularly applies to the level of genetic erosion
imposed on amphibian populations through the urbanisation of connected habitats that
were previously more natural (see [26] for a meta-analysis).

The common frog (Rana temporaria) occurs across large parts of the Western Palearctic
and is among the most populous European anurans north of the Mediterranean basin [27,28].
Reproduction takes place in spring when adults congregate in ponds at broadly even sex
ratios to form local populations. Females deposit spawn clumps containing numbers of eggs
on the order of 1–2000, from which tadpoles hatch; these largely metamorphose in the same
season [29]. Individuals reach maturity after 2–5 years, attaining a longevity of 6–13 years
depending on the latitude and altitude [30]. Facilitated by a wide ecological niche that
allows its persistence in human-made habitats and an overall high standing amount of
genetic variation [31,32], R. temporaria was among the first amphibian species that served
to document the genetic consequences of human-induced habitat fragmentation [33,34].
Subsequent studies on R. temporaria focused on the interplay between temporal and spatial
forces for shaping genetic variation at the wider landscape level [35–37] and on how specific
landscape features impede or promote connectivity under a pervasive anthropogenic
influence [38,39]. Rana temporaria populations have further been shown to suffer from
negative fitness consequences of both in- and outbreeding depression when subjected to
isolation [34,40,41].

In Scotland, R. temporaria occurs in all terrestrial EUNIS habitat categories [42], from sea
level to over 1100 m above sea level [43,44]. The city of Inverness in the Scottish Highlands
is characterised by a recent rapid expansion that, over the last decades, has resulted in the
construction of an array of SuDSs to facilitate water runoff and flood prevention through
surface blue–green infrastructure rather than below-ground engineering approaches [7,45].
Previous studies have demonstrated that the local SuDS ponds are inhabited by amphibian
communities that are generally indiscernible from those of rural surrounding areas, despite
marked variations in the ecological quality of the existing SuDSs depending on their level
of maintenance and design [7,46,47]. The aim of the present paper is to expand on these
studies by documenting the genetic structure of R. temporaria populations in and around
Inverness and by documenting whether SuDSs harbour populations that are affected by
genetic erosion. More specifically, we used a panel of seven microsatellite markers to
genetically compare R. temporaria populations inhabiting urban and suburban SuDSs, as
well as populations from surrounding rural areas, based on two sets of temporal samples.
We further investigated whether the ecological quality of SuDSs is linked to the standing
amount of genetic variation of inhabiting R. temporaria populations.

2. Methods
2.1. Field Sampling

A total of 34 populations were sampled in and around Inverness in April 2015, April
2019, or both years (Table 1). The SuDS ponds that we considered (n = 22) represented
a subsample of the sites described in [47], and we used the Global Human Settlement
Layer GHSL R2022A system [48] to divide them into urban (n = 14; corresponding to the
Dense Urban Cluster GHSL category) and suburban (n = 8; Suburban GHSL category)
depending on their surrounding areas. The rural ponds (n = 12; combined GHSL categories
of Low-Density Rural and Very-Low-Density Rural) used in the study were situated up to
a distance of about 20 km from Inverness and were characterised in more detail in [49]. The
ecological quality of the SuDS ponds was assessed by recording the presence or absence
of 13 freshwater invertebrate groups with different pollution or eutrophication tolerance
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ranges according to the OPAL protocol, as described in [45,50]. Genetic sampling used a
single embryo (egg) collected from separate clumps where possible, and it was preserved
in absolute ethanol until DNA extraction. As females produce a single spawn clump each
year, samples from separate clumps were, therefore, no more closely related than at the
level of a half-sibling. No precise information on adult population sizes was available.

Table 1. Details of sampling sites and descriptive population genetic parameters across 34 Rana
temporaria populations in and around Inverness (Scotland). n: genetic sample size, with numbers
of samples from two different sampling years in brackets; Ho: observed mean heterozygosity; He:
expected mean heterozygosity, where * denotes deviations from population-wide Hardy–Weinberg
equilibria at a Bonferroni-corrected p-value of 0.0015; AL: mean number of alleles per locus; PA:
number of private alleles.

Sampling
Site

National Grid
Reference

n
(2015/2019) Ho He AL PA

Urban:
AA NH 67100 42136 13 (0/13) 0.68 0.77 5.57 0
BA NH 69000 44010 10 (0/10) 0.95 0.81 5.86 0
BB NH 69017 44011 16 (5/11) 0.77 0.75 6.57 1
BD NH 71372 45055 15 (7/8) 0.78 0.74 6.29 0
IP NH 68782 43278 14 (0/14) 0.56 0.57 4.29 0
SD NH 64398 44565 11 (0/11) 0.63 0.64 4.33 0
SP NH 67295 42107 27 (18/9) 0.77 0.81 9.86 0
TA NH 71708 44979 10 (10/0) 0.82 0.78 6.14 0
WC NH71519 45111 17 (8/9) 0.67 0.70 6.43 0
WF NH 71820 44732 9 (9/0) 0.91 0.78 5.57 1
WH NH 71904 44662 22 (10/12) 0.79 0.81 10.14 2

WHR NH 66834 42423 22 (10/12) 0.78 0.81 8.43 0
WP NH 71646 45212 8 (8/0) 0.84 0.75 7.00 0
WO NH 68917 44160 14 (14/0) 0.94 0.81 * 7.29 0

Suburban:
BAA NH 70069 42351 10 (10/0) 0.69 0.76 5.57 1
DV NH 67281 41847 10 (10/0) 0.91 0.81 6.57 0
FA NH 67159 41965 10 (10/0) 0.89 0.81 6.57 0
GR NH 69399 42517 10 (0/10) 0.71 0.68 4.29 1

HFR NH 66477 41715 10 (10/0) 0.84 0.82 7.00 1
HH NH 69068 45577 22 (9/13) 0.75 0.80 * 9.57 2
IC NH 69221 45070 10 (10/0) 0.93 0.83 7.14 0

MN NH 66968 41605 21 (10/11) 0.82 0.81 * 6.71 1

Rural:
AWH NH 59220 43830 21 (9/12) 0.78 0.77 6.14 0
BW NH 47930 57240 9 (9/0) 0.74 0.68 5.40 0
DC NH 63190 42000 11 (11/0) 0.77 0.73 4.57 1
HP NH 59120 53680 21 (11/10) 0.79 0.76 7.57 2
KM NH 60120 44180 27 (14/13) 0.80 0.77 10.14 1
LL NH 53590 49720 9 (9/0) 0.90 0.79 5.43 0

NSE NH 64320 42650 15 (5/10) 0.78 0.80 7.43 3
NSW NH 64270 42540 21 (10/11) 0.76 0.74 7.29 0
PH NH 86420 50310 20 (8/12) 0.74 0.75 6.86 0
RO NH 6376044270 23 (8/15) 0.70 0.71 8.43 1
SN NH 63894 44129 9 (0/9) 0.75 0.66 4.43 0
TH NH 57620 54430 24 (11/13) 0.84 0.77 9.57 0

2.2. Laboratory Work

Samples were genotyped at the seven previously characterised R. temporaria microsatel-
lite loci of BGF048, BGF053, BGF106, BGF142, BGF157, BGF250, and BGF258 (see [51]); the
specific loci were chosen due to their high numbers of alleles and the tri-/tetranucleotide
nature of repeat motifs for straightforward scoring. PCRs contained approximately 10 ng
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of DNA, 5 pmol (5 mmol/L) of each primer, 0.15 mmol/L of each dNTP, 1.5 mmol/L
MgCl2, and 0.5–1.0 U Taq polymerase (Advanced Biotechnologies, Columbia, MD, USA)
in the manufacturer’s buffer for a total volume of 10 µL. The PCR profiles were 94 ◦C for
2 min, followed by 35 cycles of 94 ◦C for 30 s, 55 ◦C for 30 s, and 72 ◦C for 30 s. Primers
were labelled with fluorochromes (FAM, HEX, or AT-550) and separated via capillary
electrophoresis by using an ABI 3130 Genetic Analyser (Applied Biosystems, Waltham,
MA, USA) either in-house or commercially through Macrogen. Fragments were sized by
using Peak Scanner Software v1.0 (Applied Biosystems).

2.3. Data Analysis

In the first set of analyses, we addressed the question of whether the combined samples
from the two sampling years of 2015 and 2019 could be pooled for joint spatial analyses
by using the Bayesian clustering approach implemented in the Structure 2.3.4 software
(originally described in [52]). The approach assigned individual genotypes to a predefined
number of clusters (K) in a given sample (X) in order to achieve Hardy–Weinberg and
linkage equilibrium. We estimated the ln posterior probabilities for K = 1 (implying one
gene pool) or K = 2 (implying that the sampling years of 2015 and 2019 represented different
gene pools) for the 13 populations for which at least eight individuals were sampled in
both study years (Table 1, n = 4, 2, and 7 for urban, suburban, and rural populations, respec-
tively), followed by calculating P (K|X) by using Bayes’ rule. Results were obtained from
106 runs after 105 burn-ins, without allowing for admixture and using the correlated fre-
quency model as implemented in the software (see also [53,54] for the use of this approach).

After showing that the site-specific samples were better characterised by assuming
a single gene pool (see below), we computed the observed (Ho) and expected (He) het-
erozygosities, departures from Hardy–Weinberg equilibria at each locus with Bonferroni
corrections to give table-wide significance levels of p = 0.05, and measures of Fis for each
population by using Genepop on the Web by employing the implemented Markov Chain
method (106 runs) to obtain unbiased estimates of Fisher’s exact tests [55]. FStat [56] was
used to obtain estimates of allelic richness based on the minimum population sample size.
The spatial structure of the populations was further investigated by using the algorithm
implemented in BAPS 6.0 [57] to distinguish an enforced substructure (in our case, this
was defined on the basis of ponds) from potentially more meaningful partitions reflected
in the dataset (for details, see [58]). Bayesian posterior distributions were derived from
an MCMC algorithm (we considered 500,000 runs after 100,000 burn-ins), and we set a
lower probability bound of 0.05 for partitions to be considered in the final model. Patterns
of pairwise spatial genetic differentiation between ponds were further assessed with Fst
values that were also derived in Genepop by regressing Fst/(1 − Fst) against the geographic
distance to test for scenarios of isolation-by-distance by using Mantel tests as implemented
in the IBD software ([59]; see also [60] for the general framework). For the 13 populations
for which at least eight individuals were sampled in both study years (Table 1, n = 4, 2, and
7 for urban, suburban, and rural populations, respectively), we also investigated whether
the two temporal samples differed in their overall levels of genetic variation. Based on
published information on R. temporaria [59], the four-year interval between sampling years
broadly represented one generational turnover.

3. Results

The study considered a total of 521 genotypes across the 34 studied populations
(n = 208, 103, and 210 for urban, suburban, and rural populations, respectively; Table 1).
These genotypes encompassed 273 and 248 samples collected in 2015 and 2019, respectively,
resulting in an average of 14.2 total samples per population (range: 8–27). The overall PCR
success rate across all loci was 83.0%, with a minimum per-population sample size per
locus of n = 3 for the calculation of allelic richness values.

According to the algorithm implemented in the Structure software, the posterior prob-
abilities that samples from a given pond represented a single genetic cluster (K = 1) ranged
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from 0.77 (rural population PH) to 1.00 (rural population AWH and suburban population
MN) with a median of 0.97, confirming that the two sampling years could be merged for
joint spatial analyses. The mean number of alleles per locus ranged between 4.29 (rural
population IP) and 10.14 (urban population WH), with an average of 6.70, 6.68, and 6.94
for urban, suburban, and rural populations, respectively, and no significant differences
between the groups (one-way ANOVA, d.f. = 2, F = 2.031, p = 0.15; Table 1). The corre-
sponding mean values of allelic richness ranged from 3.53 (rural) over 3.67 (urban) to 3.89
(suburban)—again, without significant differences between the groups (d.f. = 2, F = 0.08,
p = 0.92; Figure 1). In total, 31 out of the 34 populations (91.2%) were in Hardy–Weinberg
equilibrium at a Bonferroni-adjusted p-value of 0.0015, with heterozygosities exceeding
the expected values in 22/34 (64.7%) of cases (Table 1). High heterozygosities were also
reflected in slightly negative mean Fis values (urban: −0.04; suburban: −0.03; rural: −0.05;
Figure 1). For the combined urban and suburban populations, there was no significant
correlation between the OPAL scores and the average number of alleles (Spearman rank
correlation: rs = −0.19, p = 0.53) or allelic richness (rs = −0.16, p = 0.60).
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inhabiting urban, suburban, and rural ponds in and around Inverness (Scotland). Asterisks denote
outlier values.

Across all considered ponds, private alleles were the least common in urban popu-
lations (n = 4), followed by suburban (n = 6) and rural populations (n = 8). The average
pairwise Fst values were larger between urban (0.07) and suburban (0.05) populations
than between rural (0.04) populations, suggesting an overall stronger partition of genetic
variation in built-over areas despite the greater overall geographic proximity. This was
further reflected by isolation-by-distance scenarios, which were absent in the suburban
(Z = 5.27, p = 0.54) and urban populations (Z = 24.40, p = 0.60) and highly significant for
rural populations (Z = 12.55, p > 0.01, Figure 2). The algorithm implemented in the BAPS
software reduced the 34 ponds to five genetic clusters (Figure 3). One cluster consisted of
the single spatially isolated urban SuDS pond IP, and another cluster consisted of the spa-
tially adjacent but differentially classified ponds SN (rural) and SD (urban). The remaining
three clusters comprised six, seven, and 18 populations each (Figure 3).
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The comparison of the levels of genetic variation between the two sampling years of
2015 and 2019 revealed no marked differences among rural, urban, and suburban sites, but
with the majority of populations across all sites being characterised by a slight decrease in
allelic richness (Figure 4).
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4. Discussion

The present study builds upon existing work that demonstrated that SuDS ponds in
Inverness (Scotland) provide suitable breeding habitats for the locally occurring amphibian
assemblage, which comprises five species in total [7,46,47]. We used R. temporaria as a
model species to investigate whether the evolutionary potential of resident populations
as measured by the standing amount of genetic variation in seven microsatellite loci
was compromised by habitat modification and (sub)urban surroundings. We found that
suburban and urban SuDS ponds, despite their overall increasing local levels of genetic
differentiation, were not characterised by higher levels of genetic erosion compared to rural
sites. Our case study adds to the growing evidence that generalisations on the effects of
human-induced habitat fragmentation on amphibians are difficult to infer (e.g., [26]). It also
reinforces that urban habitats can provide an important contribution to the preservation
of within-species genetic diversity at the landscape scale for species that can persist in
human-modified areas. Our microsatellite-based inferences are, however, largely unable
to reveal whether urban populations differ from their rural counterparts in more detailed
demographic and ecological traits.

Given that our study site was situated in the northwestern periphery of the R. temporaria
range, the overall high levels of allelic diversity revealed by our study are noteworthy.
They exceed those found in another microsatellite-based study conducted in Scotland
across favourable habitats in the absence of interpopulation barriers [61]. Although it is
impossible to discard local, population-specific reasons for this observation, our choice
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of loci from a pool of 145 R. temporaria candidate markers offered by [51] was based on
the most polymorphic loci available and may, in part, explain this difference. We also
encountered heterozygosities that, for the majority of the populations, were above their
expected values under Hardy–Weinberg equilibrium. While heterozygote advantage can
be invoked through mate choice (for an example on the congeneric R. arvalis, see [62])
and likely particularly applies under harsh conditions (for an example on R. temporaria,
see [63]), we preferred to attribute this observation to our sampling regime, which avoided
the random collection of full sibs. The high levels of heterozygosities observed also further
supported that the pooling of individuals from two sampling years for spatial inferences
was justified, as an unconsidered substructure would reduce Ho to below He [64].

A main finding arising from the present study is that urban and suburban SuDS ponds
are indiscernible from rural ponds with respect to the levels of genetic variation, with no
evidence of inbreeding in any of the study populations. Our genetic data suggest that gene
flow might be responsible for counteracting the negative consequences of drift, and this is
in line with the findings from the clustering approach, which revealed a wide partitioning
of 34 ponds into five genetic groups, whereby SuDS ponds were not separated from their
rural counterparts (see also, e.g., [65], who found a similar pattern for a urodele species).
Our findings, however, contrast with those of a previous study of urban R. temporaria popu-
lations [34], which revealed reduced levels of genetic variation combined with inbreeding
depression in urban populations. The city of Inverness has undergone particularly rapid
growth since the late 20th century, resulting in an expansion of the urban area that has
led to the rather recent creation and modification of the SuDS ponds under study [7,46].
This suggests two possible explanations: Either there has not yet been sufficient time for
genetic erosion to occur, or the green infrastructure associated with SuDSs provides suitable
breeding habitats and functional connectivity of terrestrial habitats that are favourable for
the conservation of genetic variation in this species. The demographic consequences of
habitat modification and population isolation might, therefore, still accumulate over time
(but see, e.g., [66] for the maintenance of genetic variation under long-term isolation in
another northern European amphibian). However, since several of the ponds sampled
have existed for over 20 years (approximately five generations for Rana temporaria), signs of
genetic erosion would be expected if isolation effects were strong.

Facilitated by a high plasticity in breeding behaviour, diet, and larval development
(e.g., [67–69]), R. temporaria possesses a wide ecological niche that is known to include
human-influenced habitats (e.g., [36,44]). It is, therefore, not overly surprising that we
found no clear links between pond habitat quality as measured with OPAL and genetic
variation. SuDS ponds in Inverness have been found to have higher OPAL scores compared
to those in Scotland and Britain as a whole, confirming their high value as breeding
habitats for R. temporaria [7,47]. Environmental conditions are, however, known to influence
vital demographic parameters, such as individual longevity and growth, in R. temporaria
populations [30,70]. From the view of conservation, it would, therefore, be beneficial to
compare levels of recruitment, generational turnover, and habitat-dependent life-history
parameters, such as diet, between SuDS ponds and rural sites in future studies.

The distribution of genetic variation in given landscapes arises from a combination
of spatial and temporal processes. Ponds in rural areas were characterised by a scenario
of isolation-by-distance that represented levels of connectivity that were proportional to
geographic proximity. This matched previous studies that noted low levels of artificial
barriers to amphibian movement, such as major roads and human settlements, in the study
area [49,71]. Isolation-by-distance was, however, absent in urban and suburban ponds,
whose genetic makeups appeared to be dominated by drift or gene flow that was uncoupled
from geographic distance. While landscape genetic analyses are beyond the scope of the
present work, it is noteworthy that we revealed overall higher levels of pairwise genetic
differentiation (Fst) between SuDS ponds compared to rural sites, despite the higher overall
number of population–private alleles in the latter. Aside from modified or reduced patterns
of gene flow, the observed breakdown of isolation-by-distance in urban and suburban areas
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might, therefore, also be linked to the spatial scale of investigation (see also, e.g., [72]).
Rural populations covered a wider area than their urban and suburban counterparts, which
might have led to a more pronounced genetic signal of spatial differentiation.

In our temporal comparison of samples collected within a 4-year interval, we revealed
no tendency for changes in mean numbers of alleles per locus, however, alongside a
tendency for a reduction in allelic richness across (sub)urban and rural sites. This seems
likely to be linked to the rather limited per-population, per-locus sample size, rather
than to a scenario of genetic drift, which would result in a higher probability of rare
alleles becoming lost than common alleles. Significantly for our study, this supports the
evidence that accelerated genetic erosion is not taking place in our urban populations. Our
inferences nevertheless reinforce the general importance of temporal genetic monitoring of
populations (see, e.g., [73]). However, we refrained from, for example, using the temporal
samples to compare effective genetic population sizes among urban, suburban, and rural
populations due to the large confidence intervals expected under the given sampling regime
and the general caution that is recommended for such an approach due to amphibians’ life
history [74]. Given the increased availability of amphibian genomes and transcriptomes (for
R. temporaria, see [75,76]), future research could focus on how habitats such as SuDS ponds
shape the distribution of adaptive genetic variation in response to mounting evidence of
selection for distinctive phenotypic traits, such as reduced mobility, larger body size, and
fewer offspring in dense urban settings ([11]; see also [70] for evidence of local phenotypic
adaptation in R. temporaria populations).

What do our results tell us about the maintenance of within-species genetic variation
of amphibians across human-modified landscapes? When suitably managed, SuDS ponds
appear to provide nature-friendly neighbourhoods that enable the retention of evolutionary
potential for R. temporaria populations. This is an encouraging finding, given that the den-
sity of such sites in built-over areas can be higher than, for example, on agricultural land,
which has suffered a marked loss of amphibian breeding ponds in recent decades (e.g., [77]).
From a policy perspective, attempts to maximise biodiversity conservation opportunities
require an understanding of how different habitats contribute to the evolutionary potential
of a given species [73]. Our findings reinforce that well-designed and managed urban
ecosystems can harbour an integral share of the overall genetic diversity for species that
are able to use them for reproduction. While this was not the case in our study area, urban
environments can also act as filters that reduce the overall number of species [18,19,78]. Our
findings support the emphasis on increasing the quality and connectivity of blue–green
infrastructure both locally—for example, in the developing Scottish Biodiversity Strat-
egy [79]—and globally through Target 12 of the Convention on Biological Diversity [12].
They also add an often-missing genetic dimension to our understanding of the importance
of connectivity [71] and contribute to the development of an evidence-based approach to
conservation, which is particularly important in times of resource constraints [80]. Whilst
the lifecycles of other urban amphibians may be different from that of R. temporaria, this set
of SuDSs was studied over 12 years, and thus, our work also highlights the importance of
long-term studies for informing conservation interventions ([7,47]; see also, e.g., [81]).
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